For the design and the assessment of river restoration projects, it is important to know to what extent the elimination of reactive nitrogen (N) can be improved in the riparian groundwater. We investigated the effectiveness of different riparian zones, characterized by a riparian vegetation succession, for nitrate (NO − 3 ) removal from infiltrating river water in a restored and a still channelized section of the river Thur, Switzerland. Functional genes of denitrification (nirS and nosZ) were relatively abundant in groundwater from willow bush and mixed forest dominated zones, where oxygen concentrations remained low compared to the main channel and other riparian zones. After flood events, a substantial decline in NO − 3 concentration (> 50 %) was observed in the willow bush zone but not in the other riparian zones closer to the river. In addition, the characteristic enrichment of 15 N and 18 O in the residual NO − 3 pool (by up to 22 ‰ for δ 15 N and up to 12 ‰ for δ 18 O) provides qualitative evidence that the willow bush and forest zones were sites of active denitrification and, to a lesser extent, NO − 3 removal by plant uptake. Particularly in the willow bush zone during a period of water table elevation after a flooding event, substantial input of organic carbon into the groundwater occurred, thereby fostering postflood denitrification activity that reduced NO − 3 concentration with a rate of ∼ 21 µmol N l −1 d −1 . Nitrogen removal in the forest zone was not sensitive to flood pulses, and overall NO − 3 removal rates were lower (∼ 6 µmol l −1 d −1 ). Hence, discharge-modulated vegetation-soil-groundwater coupling was found to be a key driver for riparian NO − 3 removal. We estimated that, despite higher rates in the fairly constrained willow bush hot spot, total NO − 3 removal from the groundwater is lower than in the extended forest area. Overall, the aquifer in the restored section was more effective and removed ∼ 20 % more NO − 3 than the channelized section.
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Introduction
Fixed nitrogen (N) input into aquatic systems has tremendously increased over the past several decades (Seitzinger et al., 2006) , and one third of the anthropogenic NO − 3 and ammonium is stored in groundwater, soils, and vegetation (Gruber and Galloway, 2008) . High N loading can cause eutrophication of rivers, lakes, and coastal zones, and a deterioration of drinking water quality (Powlson et al., 2008) . River ecosystems can play an important role in the processing of nutrients (Fischer et al., 2002) , in particular through the natural removal of excess NO − 3 by denitrification and other uptake and transformation processes in riparian buffer zones (Mayer et al., 2007; Verhoeven et al., 2006) . However, over the past two centuries, river regulation and the removal of wetlands have diminished the ecological and biogeochemical functionality of river systems in many parts of the world (Tockner and Stanford, 2002) .
The ecological functioning (e.g. the capacity to remove NO − 3 ) of a riparian system strongly depends on the quality and connectivity of different functional process zones (FPZs, sensu Thorp et al., 2006) , which are patches that differ from their surroundings in structure and function, and are functionally connected via surface and subsurface flow paths (Fisher and Weiter, 2005) . Hydrologic connectivity includes vertical (river-groundwater), lateral (river-landscape) and longitudinal exchange processes (Boulton, 2007) , and can affect NO − 3 elimination along subsurface flow paths (Baker and Vervier, 2004; Burt and Pinay, 2005) . Hinkle et al. (2001) , for example, demonstrated that denitrification depends on subsurface travel times and the rate of water exchange between the river and its hyporheic zone.
Subsurface flow paths link different zones that carry different reactants, and thus modulate the distribution of biogeochemically relevant substrates, possibly enhancing microbial reaction rates (Edwards, 1998) . Heterotrophic microbial metabolism in hyporheic zones is directly limited by the availability of organic carbon (OC) (Baker et al., 1999; Findlay and Sinsabaugh, 2003; Sobczak and Findlay, 2002) . Also, denitrification in NO − 3 -rich groundwater is primarily controlled by the redox conditions and the availability of electron donors (i.e. bioavailable OC) (Rivett et al., 2008) . Organic carbon can enter the subsurface from deep-rooted vegetation, buried C-lenses, and through episodic leaching of the overlying riparian soils (Clinton et al., 2002; Gift et al., 2010; Schade et al., 2001) , leading to zones with high biogeochemical activity, often referred to as biogeochemical hot spots (McClain et al., 2003) . Flood events mediate the coupling of the soil and root horizon with the groundwater leading to introduction of labile OC (Peter et al., 2012) and increased NO − 3 uptake by plants (Clement et al., 2003; Hefting et al., 2004) .
In this study we hypothesize that riparian zones differing in their vegetation cover will differently affect NO − 3 removal from riparian groundwater. Furthermore, the NO − 3 removal processes are expected to be modulated by hydrological connectivity, which can represent an important constraint on substrate availability (OC, NO − 3 ). To test these assumptions, we investigated the main sources of N to the groundwater and estimated N budgets for different riparian zones along a crosssection of a recently restored and a still channelized section of the river Thur, Switzerland. Furthermore, we studied the potential links between water table fluctuations and OC-controlled NO − 3 removal in the groundwater. Our main objectives are (i) to investigate which riparian zones are particularly conducive to NO − 3 removal, (ii) to identify the relevant processes for NO − 3 removal, (iii) to assess the contribution and relevance of the individual zones to whole system NO − 3 removal, and (iv) to understand the role of vegetation and flood events for NO − 3 removal on the scale of the whole aquifer. Seasonal sampling campaigns were conducted using a series of 13 piezometers placed in different zones of the restored and the channelized sections, corresponding to a river-riparian succession gradient. We collected data on nu-trient and OC concentrations, the dual stable isotope ratios of NO − 3 (δ 15 N, δ 18 O), and the abundance of functional genes encoding different steps in denitrification. The observations allowed assessing the functionality of a restored river corridor for nitrogen elimination.
Materials and methods

Study site
The river Thur originates in the limestone formation of the Mount Säntis region (2500 m a.s.l), drains a catchment area of 1700 km 2 on the NE Swiss Plateau, and enters the river Rhine at 345 m a.s.l. The river Thur exhibits the dynamic flow regime of an Alpine river because reservoirs and natural lakes are absent in the catchment. Maximum, mean, and minimum flow rates are 1130, 50, and 2.24 m 3 s −1 , respectively, for the time series of 1904 to 2000 (Binderheim-Bankay et al., 2000) . It was channelized in the 1890s to prevent flooding of the river valley. In the 1970s, a plan to concurrently improve the flood protection and ameliorate the ecological state of the river corridor was elaborated. Since the early 1990s, several 1-3 km long river sections were widened to allow for the formation of alternating gravel bars and to increase hydrological connectivity between the main channel and its riparian zone. Riparian succession processes were stimulated and, as a consequence, habitat diversity increased .
The study sites, instrumented for an interdisciplinary research project on river restoration , were located at Niederneunforn (Canton Thurgau, Switzerland) in a 2 km long restored river corridor and 1 km upstream in a channelized section. (Fig. 1a ). In the restored river sections, we identified four distinct zones across a riverriparian succession gradient ( Fig. 1a ): (1) a bare gravel bank (gravel); (2) exposed gravel, colonized by the tall pioneer grass Phalaris arundinacea (grass); (3) a second flooding terrace dominated by Salix viminalis (willow bush); and (4) the alluvial mixed ash forest (forest) located 50-60 m away from the edge of the main channel. At the non-restored site, no riparian succession was established and pasture made up the only FPZ. The main channel represents the main source of the infiltrating water (Vogt et al., 2010) . The piezometers penetrated the aquifer down to 8 m depth (3 to 7 m screened), allowing water sample collection from the saturated zone. The saturated zone consists of a deep sandy gravel layer (5-6 m), sealed by an impermeable clay layer at the bottom and covered by a poorly permeable sand and loam layer at the top. In general, the study site is characterized by a good hydraulic and hydrological connectivity between river water and riparian groundwater (Vogt et al., 2010) . The riparian groundwater is primarily fed by the infiltrating river water and the contribution of vertical water flow from the unsaturated zone is negligible (Vogt et al., 2012; Diem et al., (Diem et al., 2012) is illustrated by isopotential lines (equidistance of 10 cm) and by selected flow paths. To ease a comparison with previous studies, e.g. Vogt et al. (2010) and Schneider et al. (2011) , the link to the original piezometer names is given here for the individual FPZs, beginning with the piezometer closest to the main channel: gravel: R050 and R060; grass: R042, R051, and R052; willow bush: R041 and R058; forest: R017, R023, R024, R019, R025, R026, and R021; and pasture: R001, R004, R005, R009, R011, R012, and R014. (b) Schematic illustration of the N groundwater budget. River channel and the soil are the two main sources for the groundwater N pool, and the individual FPZs are directly connected to the channel. 2012). Accordingly, the groundwater below the gravel bar and the grass zone is mainly comprised of freshly infiltrated river water (∼ 23 h travel time), while subsurface travel times from the river to the willow bush zone are ∼ 4.5 days, and to the forest on the order of weeks (Vogt et al., 2010) . In the channelized section, the hydrological connectivity is reduced, that is, ∼ 3 days travel time for the river water to the first and 11 days to the last piezometer in the transect. Small scale processes along the soil-groundwater interface in the first meters of infiltration were documented in detail by Vogt et al. (2012) .
Hydrodynamics
Sensors with an integrated data logger for continuous measurements (15 min interval) of hydraulic head and electrical conductivity (DL/N 70, STS AG, Switzerland; error of single measurement is ±0.1 % for head and ±2 % for electrical conductivity) were installed in the river channel and in the piezometer of the willow bush zone. The time series of hydraulic head and electrical conductivity were recorded from June 2008 to July 2009. A three-dimensional steady-state groundwater flow model (Feflow, DHI-WASY GmbH) was setup to derive the groundwater flow paths and Darcy fluxes for the different FPZs under base flow conditions. Details of the model setup, the boundary conditions and the model calibration are described in Diem et al. (2012) . In short, the modeling domain has an extension of 1200 m × 400 m, with the longer axis parallel to the river Thur. The model is restricted to the gravel-and-sand aquifer with a thickness of 5-6 m. The river was included as a third-type boundary condition with water levels at a discharge of 23 m 3 s −1 , which were adopted from an existing hydraulic model . In the side channels ( Fig. 1a ), continuously measured data at water level gauges were integrated with data from periodic measurements at fixed points. The hydraulic conductivity field was calibrated using travel time information derived by time series analysis of electrical conductivity data (Vogt et al., 2010) . The riverbed transfer rates (conductance) were automatically calibrated to measured groundwater levels in selected piezometers. The flow paths and the average Darcy flux along the flow paths were extracted from particle backtracking results (Diem et al., 2012) .
Sampling
Between April 2008 and June 2009, groundwater was sampled three times during flood events, once 7 days after a peak flow event, and four times during base to average flow conditions of the river Thur (Table 1 , Fig. 2a ). At each date, surface river water was sampled and a 12 V purge pump was used to collect water at the piezometers. Prior to collecting groundwater samples, the electric conductivity and temperature were monitored (WTW, Nova Analytics) until constant values were reached. Samples for O 2 analysis were filled bubble free into volumetric glass flasks and immediately fixed for Winkler analysis (Grasshoff et al., 1999) . Samples for measuring concentrations of nitrous oxide (N 2 O) were taken on 15 April and 23 June 2009 only. Water was filled bubble free in serum flasks, amended with CuCl 2 , and sealed gas tight. Samples for measuring total organic carbon (TOC), total N (TN), and dissolved OC (DOC) concentrations were transferred into muffled (450 • C) glass tubes. TOC and TN samples were acidified with 2 mol l −1 HCl (pH 3). All samples were stored at 4 • C in the dark for later analysis. Samples for DOC analysis were immediately filtered through pre-combusted (220 • C, 4 h) glass fiber filters (GF/F, Whatman), stored in muffled glass bottles, and analyzed within 24 hours after sample collection. To analyze the suspended bacterial gene abundance, 60-1200 ml water was filtered through 0.22 µm polycarbonate filters (Millipore), and filters were stored in sterilized plastic tubes at −20 • C until further analysis.
Chemical analyses
TOC and DOC concentrations were measured on unfiltered and filtered water samples, respectively, on a Shimadzu TOC Table 1 . Temperature, mean discharge, flow regime of the river Thur, and the number (n) of samples taken or piezometers sampled in each riparian zone during the sampling campaigns.
Sampling date
Water temp. Discharge Flow regime Channel Gravel Grass Willow bush Forest Pasture The gray area indicates the position of the overlying soil structure of the aquifer. Vertical bars designate the different sampling dates. Water level fluctuations in willow bush followed water level variations in the channel, reflecting high hydraulic connectivity. Electrical conductivity generally showed a slightly dampened and time-shifted signal in willow bush compared to the channel. During flood events in the periods June to October 2008 and May to July 2009, the electrical conductivity signal in willow bush was reverse to that of the channel.
analyzer (TOC-V CPH) using high-temperature catalytic oxidation (Benner and Strom, 1993) . The accuracy of the analysis was 1.5 %. Concentrations of TN (dissolved and particulate inorganic and organic N), NO − 3 , nitrite (NO − 2 ), and ammonium (NH + 4 ) were determined colorimetrically on a Technicon autosampler (DEV, 2004) . The analytical errors were 5 % for TN, 2.5 % for NO − 2 , and 6 % for NO − 3 . N 2 O was quantified by headspace analysis on an Agilent 6890 N gas chromatograph (Jas, Germany) with an autosampler and a GS-Carbon PLOT column. N 2 O concentrations in the samples were calculated according to Weiss and Price (1980) . The analytical error was 0.2-4.6 %. Dissolved O 2 concen-trations were measured using the standard Winkler method (Grasshoff et al., 1999) .
The stable N and O isotopic composition of dissolved NO − 3 , providing information on major N transformation processes, was measured using the "denitrifier method" described in detail by Sigman et al. (2001) and Casciotti et al. (2002) . N and O isotopic ratios were reported in the standard δ notation relative to atmospheric N 2 for N and V-SMOW for O, respectively. Nitrate isotope measurements were standardized using the international NO − 3 standards IAEA-N3 and USGS-34. The two-standard calibration allows accounting for O-isotope scale compression due to instrument properties and O-isotope exchange during bacterial conversion. Oxygen exchange was additionally monitored with 18 O-enriched water standards (Casciotti et al., 2002) and was never greater than 5 %. Blank contribution was generally smaller than 1 %. The reproducibility of replicate analyses was typically ±0.2 ‰ for δ 15 N and ±0.3 ‰ for δ 18 O. Net N and O isotope fractionation during NO − 3 consumption in the riparian zone was approximated assuming Rayleigh distillation kinetics (Kendall and Caldwell, 1998) .
Functional gene abundance
Deoxyribonucleic acid (DNA) was extracted from filters using Fast DNA Spinkit for soil (MP Biomedicals) and quantified using Sybr green I (Matsui et al., 2004) . To estimate the denitrification potential of the microbial assemblage in the mobile phase along flow paths, we analyzed the abundance of the functional genes involved in the denitrification process (NO − 3 reductase genes nirK and nirS, and nitrous oxide reductase gene nosZ) by real-time PCR on a 7300 Real-Time PCR System (Applied Biosystems) with Kapa Sybr Fast qPCR mix (Kapa Biosysems). As qPCR standards, genomic DNA of pure cultures Pseudomonas fluorescence C7R12 (nirS), Azospirillum irakense DSM 11586 (nirK), and Pseudomonas stutzeri (nosZ) were used. The individual qPCR conditions and primers used are described in detail by Brankatschk et al. (2010) . To avoid PCR inhibition, dilutions of 1 : 16 of the DNA template was found to be best for optimal detection. Copy numbers were calculated using the OPC method (Brankatschk et al., 2012) and the efficiencies of the samples were derived using the LinRegPCR program (version 11, Ruijter et al., 2009) . Copy numbers were normalized to the amount of extracted DNA to reduce artifacts from sample filtration and DNA extraction. Copy numbers per ng DNA yield the proportion of the microbial community carrying the specific gene. The ratio of nosZ / (nirS + nirK) was used to quantify the proportion of the denitrifying community that can carry out all steps of denitrification (including the reduction to N 2 ). This approach was adapted from Philippot et al. (2009) . The efficiency of the PCR reaction was 81 % for nirS, 70 % for nirK, and 86 % for nosZ. In the qPCR assay, each template was analyzed in triplicate, and some of the environmental samples were run with replicates of DNA extraction (April 2009: willow bush; 23 June 2009: channel, grass, and forest). The deviation for these replicates was 2-27 % of copy numbers ng −1 DNA for nirS, 2-29 % for nirK, and 6-33 % for nosZ.
Nitrogen budget calculations
N budgets were computed along flow lines for the different FPZs assuming that the river and the soil constitute the main sources of the N compounds, and that the river is directly connected to the individual FPZ to which river water is supplied ( Fig. 1) . River water enters the FPZ near the bank and is then transported with constant velocity along the flow path to the piezometer where the final concentration was monitored (Fig. 1a ). The solute concentrations at the piezometers reflect the outflow concentration of the FPZ in this model. The difference between the compound/solute flux out of the FPZ (J FPZ ) and the sum of fluxes into the groundwater from the channel and the soil (J CHANNEL and J SOIL ) indicate whether there is a loss or a gain of a N-compound in a FPZ (Fig. 1b) . A negative N budget indicates a loss of N by non-conservative processes that are not accounted for in the transport model, e.g. through microbial N dissimilation or plant assimilation. Positive values indicate additional inputs also not accounted for by the model, e.g. due to underestimation of the sources that are implemented in the model, or the production of dissolved inorganic N via mineralization of organic N along the flow path. Fluxes are given in mol d −1 and were calculated as follows:
with Q SOIL in l d −1 calculated from specific soil exfiltration rates (q SOIL in l −2 d −1 ) and FPZ length (l) and width (w) in m (Q SOIL = q SOIL × l× w). All model input data are listed in the Supplement (Table S1 ). Huber et al. (2012) applied the COUP numerical soil water and heat model (Jansson and Moon, 2001) in combination with measured soil properties and meteorological data monitored at the site for calculation of q SOIL . Q CHANNEL was calculated from groundwater flux data, q FPZ (Darcy flux in m d −1 ), adopted from the three-dimensional steady-state groundwater flow model developed by Diem et al. (2012) which is described above, and the length (l) and height (h) of the FPZ (Q CHANNEL = q FPZ × l × h). By mass balance, Q FPZ equals Q CHANNEL + Q SOIL . The data set on groundwater concentrations (c CHANNEL and c FPZ in mol l −1 ) used for budget calculations is based on the sampling campaigns during 2008-2009 described in this study and an additional sampling in May 2011 (not shown). For each FPZ, data from one selected piezometer was averaged for base to average discharge conditions (< 75 m 3 s −1 ) during spring and summer periods (Fig. 1) . Soil concentration data (c SOIL in mol l −1 ) are described in Huber et al. (2012) . Finally, the N fluxes were standardized to µmol l −1 d −1 considering the effective FPZ volume (FPZ volume × porosity). The efficiency of the individual FPZ for NO − 3 removal was calculated after Dhondt et al. (2006) : efficiency = (J SOIL +J CHANNEL −J FPZ )/(J SOIL + J CHANNEL )× 100 %. Monte Carlo simulations were run with 10 6 iterations on Matlab (7.8.0, The MathWorks) for mean and error estimations.
Results
Hydrodynamics
At all sampling campaigns, the water level of the river Thur was higher than the groundwater head ( Fig. 2a ) and the river was losing water into the saturated riparian zone (Fig. 1a ). The two main piezometer transects, installed in the unconfined aquifer at the restored and the channelized section, do not reflect the subsurface flow direction (Fig. 1a) . As a consequence, the individual piezometers and FPZs are not directly connected by the hydrological flow. With exception of the forest zone, the river water infiltrates directly into the FPZ (Fig. 1) . The hydrological regime of the river strongly differed among the sampling campaigns (Table 1) , and temporal water level changes in the channel reflect these variations ( Fig. 2a ). In the willow bush zone, the water level responded almost instantaneously to changes in the river, indicating a good hydraulic connection between river and groundwater, and during peak events groundwater reached the base of the overlying loamy soil at ∼ 372.8 m a.s.l. (Fig. 2a) . A similar trend in water table fluctuation was described by Vogt et al. (2010) for piezometers in the grass, forest, and pasture zones. In the willow bush zone, the electrical conductivity time series showed a slightly damped and time-shifted river signal from November 2008 until April 2009 (Fig. 2b) , 4300 S. Peter et al.: Nitrate removal in a restored riparian groundwater system reflecting solute transport from the river to the aquifer. Additionally, elevated electrical conductivity peaks, reverse to the diluted river signal, were observed during flood events in June 2008, September 2008, and May to July 2009 ( Fig. 2a ).
Spatio-temporal variability of NO − 3 , NO − 2 , and N 2 O concentrations
The river channel was characterized by high NO − 3 concentrations (mean 139 ± 74 µmol l −1 ) which were marginally diluted during flood events and exhibited a marked seasonality, with higher concentrations in winter than in summer ( Figs. 2c and 3a , b) (http://www.naduf.ch/daten.htm). Overall, NO − 3 represented the main fraction of TN (92 ± 15 %), and NO − 3 concentrations were negatively (but not significantly) correlated with river discharge (Pearson correlation coefficient: r = −0.32, significance value: p > 0.05). Also, the inverse correlation with temperature was relatively weak, even if significant (r = −0.51, p < 0.01). Both, NO − 2 and N 2 O concentrations in the river were low (0.5 ± 0.6 and 0.02 ± 0.005 µmol l −1 , respectively, Fig. 3c-e ). Analysis of variance (ANOVA, SPSS 17.0, IBM) could not resolve significant differences in NO − 3 concentrations among the different riparian zones (p > 0.05). Nevertheless, different trends for the individual zones could be discerned for different flow regimes ( Fig. 3a and b ). Gravel and grass zone NO − 3 concentrations correlated with NO − 3 concentrations in the river (r = 0.99, p < 0.01 and r = 0.78, p < 0.05, respectively). During flood events, NO − 3 levels at the groundwater piezometers close to the river were lower than at the more distant ones, simply because NO − 3 concentrations were lowered in river water during these events (Fig. 3a) . In the willow bush zone, the NO − 3 concentrations were only weakly correlated with those in the channel (r = 0.33, p < 0.05), and during base flow, the lowest NO − 3 concentration of all FPZs was recorded (Fig. 3b) . In contrast to NO − 3 , the highest NO − 2 and N 2 O concentrations were measured during base flow in the willow bush zone ( Fig. 3d and e ). In samples from the forest, the NO − 3 concentrations were essentially invariant, with a mean value of 136 ± 33 µmol l −1 . The forest zone also exhibited elevated N 2 O and slightly elevated NO − 2 concentrations during base/average flow, compared to the other riparian zones. The pasture zone in the channelized river section exhibited relatively invariant NO − 3 concentrations, and no elevated NO − 2 concentrations were observed.
Nitrogen budgets for individual riperian zones
Based on budget calculations for base and average flow conditions of the river, most of the NO − 3 originated from infiltrating channel water, whereas the contribution of soil NO − 3 to the groundwater was low in the grass and willow bush zones (1 ± 1.2 and 0.5 ± 0.6 %, respectively), and higher in the forest zone (10.6 ± 9.3 %). For all FPZs, model results revealed a net NO − 3 loss (Fig. 4a ). The highest volu- (b, d, e ). Values from piezometers located in the same riparian zone were averaged, and error bars represent standard deviations (n > 2) or average deviations (n = 2). metric NO − 3 removal rates were found in the willow bush zone. Grass also exhibited increased rates, but with high model error and the lowest NO − 3 removal efficiency of all zones. A small NO − 2 (0.1-0.5 µmol l −1 d −1 ) and N 2 O (0.01-0.02 µmol l −1 d −1 ) production was observed in the willow bush and the forest zones. A loss of NH + 4 was observed in all riparian zones (−0.2 to −1.1 µmol l −1 d −1 ). Extrapolation to the scale of the total restored riparian aquifer revealed that the forest zone contributed most to total NO − 3 removal ( Fig. 4b ). For the pasture zone, the volume of the total restored aquifer was used for scaling, which allowed a direct comparison between the restored and the channelized section. NO − 3 removal rates were significantly higher (t-test: p < 0.001) for the restored than for the channelized section (Fig. 4) .
Nitrate isotope ratios
The river water, as well as the groundwater in the adjacent gravel and grass zones exhibited the lowest δ 15 N and δ 18 O values for NO − 3 (∼ 9.5 and ∼ 2.5 ‰, respectively) among the different zones (Fig. 5 ). The highest NO − 3 δ 15 N and δ 18 O values were observed in the willow bush zone. Taking into account the complete groundwater data set, a linear relationship exists between NO − 3 δ 15 N and δ 18 O (R 2 = 0.87, slope = 0.572, p < 0.01). The apparent N (and O) isotope effects ε N (ε O ) were derived by plotting the δ 15 N (δ 18 O) against the natural logarithm of the residual NO − Fig. 4. (a) Average NO − 3 removal rates and efficiencies with standard deviations (±) derived by Monte Carlo simulations within a specific FPZ during base/average flow conditions of the river during spring to summer. The negative rate values designate loss from the groundwater, most probably due to dissimilar consumption by denitrification or due to plant uptake. (b) Nitrate loss rates (± standard deviations from Monte Carlo simulations) for the individual FPZs are normalized to the whole restored river section at base/average flow conditions of the river, and during the spring to summer period. For better comparison, we used the same aquifer volume for the channelized pasture area as for the total restored aquifer. concentration according to Mariotti et al. (1981) , where the slope of the linear regression line approximates ε app : δ 15 N (or δ 18 O) reactant = δ 15 N (or δ 18 O) initial -ε(ln[NO − 3 ]). For the groundwater data of the restored river section, these Rayleigh graphs yielded significant linear correlations for June (R 2 = 0.94, slope: apparent enrichment factor ε N = −22‰, p < 0.01) and September 2008 (R 2 = 0.75, slope: ε N = −13.2‰, p < 0.01) and a moderately significant linear relationship for 23 June 2009 (R 2 = 0.42, slope: ε N = −6.6‰, p < 0.05) (Fig. 6) . Apparent enrichment factors for 18 O were −14.9, −10.4, and −4 ‰ for June and September 2008, and 24 June 2009, respectively. The data for the linear regression models passed tests for normality (Shapiro-Wilk test) and for constant variance.
Functional gene abundance
The amount of DNA extracted from water samples was generally lower in April 2009 than in June 2009, with highest concentrations in the river water in both seasons (data not shown). The nirK, nirS, and nosZ genes involved in denitrifi- cation were abundant throughout the riparian aquifer, with the nirK gene generally showing the highest contribution (Fig. 7) . The nirS and nosZ genes were significantly correlated (r = 0.97, p < 0.01) for both sampling campaigns. River water and groundwater of the grass zone generally exhibited the lowest relative abundance of nirS and nosZ genes. High abundances of nirS and nosZ genes, relative to the other zones, were observed in the willow bush zone. In the forest zone, nirS and nosZ genes were also elevated when compared to the river water samples. The nosZ / (nirS + nirK) ratio, which indicates the proportion of the denitrifying community that can carry out complete denitrification (including the reduction to N 2 ), was highest in the willow bush followed by the forest zone in both sampling campaigns (Fig. 7) . The variations can primarily be attributed to changes in nirS and nosZ gene abundance. No samples were analyzed for the gravel and pasture groundwater.
Spatio-temporal variability of TOC and O 2 concentrations
In the river Thur, TOC concentrations were lower during base/average flow conditions than during high flow (except The potential of the denitrifying community to carry out complete denitrification (from NO − 3 to N 2 ) is indicated by the ratio of nosZ / (nirS + nirK). Values from piezometers located in the same zone were averaged and error bars represent standard deviations (n > 2) or average deviations (n = 2). the sampling on 23 June 2009, which took place during a declining flood and had TOC concentrations that were similar to those at the beginning of the flood on 17 June 2009) ( Fig. 8a and b) . The TOC concentrations in the groundwater of the gravel and grass zones were closely correlated with those in the river (r = 0.99, p < 0.01 and r = 0.87, p < 0.05, respectively). In the willow bush zone, TOC concentrations were the highest during flood events. The most invariant TOC concentrations (at low levels) among all zones were observed in the forest and the pasture zones ( Fig. 8a  and b ). There, the OC dynamics seem to be decoupled from OC fluctuations in proximity to the river corridor. The OC of the soil water, measured by Huber et al. (2012) , in the different FPZs was lowest in the willow bush zone (533 ± 70 - (b, d) . Values from piezometers located in the same riparian zone were averaged and error bars represent standard deviations (n > 2) or average deviations (n = 2). 605 ± 45 µmol l −1 ) and highest in the forest zone (743 ± 40 -983 ± 299 µmol l −1 ). Dissolved O 2 concentrations in the river Thur were close to saturated levels (280-420 µmol l −1 ) ( Fig. 8c and d) , but within the first few meters distance from the channel, O 2 concentration in the groundwater dropped to 25 µmol l −1 until the willow bush FPZ. In all locations, oxygen concentrations were highest during winter low flow (January 2009) and/or during early spring flooding (April 2008).
Discussion
N sources and net losses in individual riparian zones
The river Thur represents the main water supply for the riparian groundwater of all FPZs (Vogt et al., 2010) , mirrored in the high hydraulic and hydrological connectivity in the riparian aquifer ( Fig. 2a and b) . Moreover, the channel constitutes the main N source to the groundwater as the river Thur receives high NO − 3 inputs from diffuse agricultural sources (Abbaspour et al., 2007) , but inputs from the soil can also significantly contribute to the groundwater N pool (∼ 11 % in the forest zone) (Huber et al., 2012) .
Our data suggest that the FPZs of the river Thur greatly differ in their capacity for net NO − 3 removal from infiltrating river water during base to average runoff (Fig. 3) . Low concentrations of NO − 3 were detected in the willow bush zone, indicating a removal of the NO − 3 supplied by the river. From N budget calculations, we found that the willow bush zone can be considered a hot spot for NO − 3 removal during base and average flow, exhibiting the highest removal rates per unit volume and the highest fixed N removal efficiency (Fig. 4a) . The lowest N removal efficiency was calculated for the grass zone. However, in this zone, a relatively large variability in NO − 3 concentrations, in combination with small concentration differences with respect to the channel and a relatively fast groundwater flow, resulted in large errors for model-based estimates of N removal rates (Fig. 4a , Table S1 ). Taking the spatial extent of the different riparian zones into account, the forest contributes most to the total riparian aquifer NO − 3 removal (Fig. 4b) . This supports the findings by Findlay et al. (2011) , who found that large areas with comparatively low denitrification activity (cool matrix) can actually remove more NO − 3 than rather constrained hot spots of high denitrification rates. The budget calculations also revealed that the forest groundwater receives more soil NO − 3 than the other riparian zones (∼ 11 %). Comparing the pasture in the channelized part of the river with the restored aquifer, our data demonstrate that the pasture played a less important role in the ecosystem removal of NO − 3 (Fig. 4b) . It needs to be noted that the model disregards NO − 3 loss at the river-aquifer boundary and assumes constant groundwater flow and transformation rates, which might not entirely reflect the reality. Especially for the forest zone with the longest infiltration path, this may create additional model uncertainties that were not accounted for.
NO − 3 removal processes
In riparian aquifers, NO − 3 removal is mainly attributed to denitrification or assimilation by riparian vegetation (Dhondt et al., 2003) , although a decrease in NO − 3 concentration can also be related to mixing with NO − 3 -depleted groundwater (Craig et al., 2010) . In the willow bush and forest zones of the river Thur aquifer, the increased concentrations of NO − 2 and N 2 O (Fig. 3d and e ), two intermediate products of denitrification, imply that denitrification is responsible for the apparent NO − 3 removal. Further support for denitrification as an important N loss term is provided by the functional gene analyses. The higher relative abundance of genes involved in denitrification in the willow bush and forest zones indicate that here the microbial denitrification potential was higher than in the other riparian zones (Fig. 7) . It needs to be noted that we have analyzed the suspended microbial community, which only partially reflects the total subsurface community and does not include microbes in biofilms. In a strict sense, we cannot say a priori that gene evidence is representative of the in situ conditions, as microbes found in one FPZ could in fact originate from another FPZ or the river. In a parallel study at the same field site, however, Peter et al. (2012) found that the suspended microbial community is actively growing in the groundwater. Therefore, the gene abundances in this riparian groundwater seem to reflect local and, to a lesser extent, upstream environmental conditions. They may be used as an indicator for local microbial processes in the groundwater. We found that in the willow bush zone, the relative contribution of the nosZ gene to the total number of genes involved in denitrification was highest compared to all other zones, independent of whether NO − 3 concentration was high or low. It has been shown that the nosZ abundance positively correlates with potential denitrification rates (Brankatschk et al., 2010; Hallin et al., 2009 ). Furthermore, it indicates the dominance of microbes that are capable of carrying out complete reduction of NO − 3 to N 2 (Fig. 7) . The patterns of 15 N and 18 O in the residual NO − 3 in groundwater helped to further discern physical mixing, plant uptake and denitrification as potential mechanisms explaining the low NO − 3 concentrations. We can rule out that mixing with water sources that are tagged with a high-δ 15 N (δ 18 O) NO − 3 isotope signature contributed to the observed elevation in the NO − 3 delta values in the willow bush zone. Leaching of NO − 3 from willow bush soil into the groundwater was negligible (∼ 0.5 %), and the soil water displayed δ 15 N values that were only slightly (if at all) elevated over the NO − 3 δ 15 N in the river Thur and markedly lower than the observed δ 15 N values for the willow bush zone (9.5 ± 2.9 ‰, personal communication by Benjamin Huber). Furthermore, simple mixing with old NO − 3 -depleted groundwater is unlikely, given a very short water residence time of only 4.5 days for this zone (Vogt et al., 2010) . Plotting the δ 15 N of NO − 3 versus 1 / NO − 3 did not reveal any evidence for mixing (plot not shown). In fact, the logarithmic correlation between NO − 3 δ 15 N and NO − 3 concentration provides a strong argument against conservative mixing and for biological removal (Mariotti et al., 1981) (Fig. 6) . The calculated average δ 18 O : δ 15 N enrichment ratio was 0.57. Similar values were reported for denitrification from another riparian zone (0.59; Cey et al., 1999) and other freshwater systems (0.6; Lehmann et al., 2003) . The relative contribution of denitrification and plant assimilation to the community N isotope fractionation can be approximated if the end member N isotope effects for denitrification and assimilation are known, respectively (Dhondt et al., 2003; Lund et al., 1999) . Adopting the enrichment factors reported by Dhondt et al. (2003) for plant uptake (∼ −4 ‰) and denitrification in groundwater (∼ −23 ‰), and based on the average N isotope enrichment factor of −14 ‰ determined in this study, we can calculate that on average 62 % the observed NO − 3 deficiency can be attributed to denitrification, while the remaining 37 % was due to plant uptake. Variation in the community N isotope effect for NO − 3 removal suggests, however, that this partitioning varied significantly. Using the same approach, we estimate that denitrification contributed 98 % in June 2008 , 68 % in September 2008 , and 21 % in June 2009 to the NO − 3 removal. Thus, in this riparian aquifer, NO − 3 removal seems to primarily take place through denitrification and to a lesser extent through plant uptake. Interestingly, both processes seem to be constrained to the willow bush and, to a lesser extent, the alluvial forest zone during base and average flow conditions. At the restored Thur site, gravel bars and grass strips close to the main channel were mainly influenced by OC introduced with infiltrating river water ( Fig. 8 ) and exhibited no apparent denitrification activity. We assume that the subsurface water residence times were too short and OC supply insufficient for the development of denitrifying conditions (Malard et al., 2002) . In the willow bush zone, where flood events result in enhanced OC availability (Fig. 8) (Peter et al., 2012) , a denitrification hot spot can be formed. The alluvial forest and the pasture in the channelized river section exhibit intermediate TOC concentrations with the smallest temporal concentration changes among all groundwater samples and lower denitrification rates (Fig. 4a ). Hence, in the Thur aquifer, as a limiting substrate, OC appears as the main factor that controls microbial efficiency in general and NO − 3 removal in particular .
The NO − 3 removal hot spot willow bush was densely populated with Salix viminalis. These pioneer species are closely associated with enhanced heterotrophic growth in the rhizosphere (Lalke-Porczyk et al., 2009) through high belowground carbon production (de Neergaard et al., 2002) and known for their high NO − 3 removal capacity (Aronsson and Perttu, 2001; Elowson, 1999) . In a companion study at this field site, the OC composition in the willow bush zone groundwater could clearly be related to bioavailable soil-and vegetation-derived OC (Peter et al., 2012) . Therefore, we assume that willow plants are a considerable source of bioavailable OC for the saturated subsurface zone. Here, it may directly stimulate microbial respiration, leading to the development of suboxic conditions, and potentially initiate denitrification. Indeed, a recent study by Clinton et al. (2010) suggests that differences in OC bioavailability in a riparian subsurface flow is related to the type of vegetation cover. Similarly, Schade et al. (2001) observed a direct effect of vegetation cover on groundwater denitrification and proposed that the organic substrates that drive denitrification originated from plant production (Gift et al., 2010) .
Variations in water table can foster interactions of the groundwater with the root zone of the riparian vegetation. Usually roots do not grow into the saturated zone, but in riparian systems, roots may be submerged during high water periods (Dosskey et al., 2010) . The vertical root distribution and density of Salix sp. in alluvial environments has a tendency for increased growth towards the groundwater table with more distance from the river (Pasquale et al., 2012) . Flooding raises the water table by 1-2 m towards the soil horizon of the willow bush zone ( Fig. 2a ) and may stimulate NO − 3 removal through denitrification by connecting the NO − 3 -rich groundwater with the bioavailable OC pool of the overlying soil and root zone. Inundation of the willow plants occurs only at a discharge > 300 m 3 s −1 , which is a rather rare event (1-2 per year) and might therefore not have a relevant effect on the observations in this study. In the willow bush zone, the electrical conductivity measurements indicated high ionic content in the water during periods of high runoff and low conductivity in the river (Fig. 2b and Vogt et al., 2010) . Conductivity peaks can be explained by the leaching of high conductivity and, at the same time, OC-rich soil water (Huber et al., 2012) into the groundwater. Introduction of bioavailable OC stimulates microbial CO 2 production, resulting in an increase in the electrical conductivity through ion dissolution. These flood-related conductivity peaks were mainly observed during the vegetation period (Fig. 2) . Therefore, we assume that it is the root-derived OC that stimulates microbial activity and ultimately leads to an increased conductivity signal in the groundwater during flood events. This strong river-groundwater and soil-groundwater coupling at the willow bush zone facilitates substrate input to the subsurface, and may ultimately set the optimal conditions for the development of a N turnover hot spot in the post-flooding period.
Low NO − 3 concentrations and enrichment of the heavier NO − 3 isotopologues in the willow bush zone was observed always during the vegetation period (Fig. 5 ). In the winter/early spring period (April 2008 and January and April 2009), the groundwater was characterized by low temperatures (0.5-10 • C) and high O 2 concentrations (Fig. 8b) , indicating reduced microbial activity, consistent with no significant 15 N ( 18 O) enrichment in the NO − 3 pool. Also, the N isotopic data suggest that in the Thur riparian aquifer little denitrification and plant uptake occurred during flooding ( Fig. 3 and 5 ), despite substantial NO − 3 supply to the groundwater and intense contact of the groundwater with the root zone ( Fig. 2a ) providing bioavailable organic substrate. Flood events increase the groundwater flow velocity and can substantially decrease the actual contact time with the roots of the riparian vegetation and with the microbial "denitrifier" community, leading to diminished NO − 3 removal. One week post flooding, NO − 3 and TOC concentrations were substantially reduced in the willow bush zone ( Fig. 3 and 8 ) and the residual NO − 3 was enriched in the heavy N and O isotopes ( Fig. 5 ), suggesting intense post-flood NO − 3 removal through denitrification triggered by the OC spike during the flood event and, to a lesser degree, plant NO − 3 uptake by Salix viminalis.
Concluding remarks and implications for restoration of riparian zones
In a dynamic restored river system like at the river Thur, spatial heterogeneity translates into different FPZs with contrasting NO − 3 removal potential. Both hot spots and cold matrices contribute to the enhanced NO − 3 removal capacity through denitrification and plant uptake compared to the channelized riparian site. The rates of NO − 3 removal of ∼ 21 µmol N l −1 d −1 (∼ 215 kg N ha −1 yr −1 ) were similar to values reported in previous studies (Baker and Vervier, 2004; Mengis et al., 1999) . The functioning of the willow bush hot spot as an efficient NO − 3 filter is governed by hydraulic and biogeochemical conditions: Periodic flooding transports soil-and root-derived organic matter into the groundwater, and strong hydraulic connectivity ensures NO − 3 supply. The biogeochemical N-uptake by intense plant growth (Clement et al., 2003) probably also contributed to NO − 3 elimination. Denitrification not only removes NO − 3 from the system but can also be a considerable source of the greenhouse gas N 2 O, especially in systems that are prone to frequent perturbations, for example due to sudden flood events. The latter may episodically provide O 2 to the subsurface, thereby inhibiting N 2 O reduction (Naqvi et al., 2000; Verhoeven et al., 2006; Codispoti et al., 2001) . However, the generally low N 2 O concentrations in the groundwater (Fig. 3e) translate into low production rates (Sect. 3.3) compared to rates from other systems (e.g. Kim et al., 2009; Mengis et al., 1996) .
For a successful N monitoring in the groundwater of a restored site, the spatial and temporal investigation of NO − 3 concentration and its isotopic composition proved to be very powerful. This study emphasizes that successful river restoration and its functional assessment should consider the multi-dimensional linkages of alluvial groundwater systems. We recommend enhancing the environmental heterogeneity by configuring distinct riparian zones, or by allowing the occurrence of a natural geomorphic and vegetation succession. For example, we demonstrate here the value of a pioneer plant-dominated zone with regards to recharge of the soil OC inventory and the stimulation of NO − 3 removal in the water-saturated zone. Willows are among the main colonists of alluvial environments with open and wet habitats (Kuzovkina and Volk, 2009 ) and can be considered as unique hydrological features of riparian systems. When established they can endure extreme water table fluctuations. Such flood events are necessary to fully exploit the soil-groundwater connection and to develop optimal conditions for a denitrification hot spot. Overall, this study illustrates that the interactions between ecological and hydrological processes and riparian morphology should be taken into consideration in future restoration measures.
Supplementary material related to this article is available online at: http://www.biogeosciences.net/9/ 4295/2012/bg-9-4295-2012-supplement.pdf.
